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ABSTRACT

Aim To determine biotic and abiotic controls on pine invasion globally within six
ecoregions that include both introduced and native ranges.

Locations Río Negro province, Argentina; Aysén and Araucanía regions, Chile;
South Island (two ecoregions), New Zealand; Greater Yellowstone ecosystem, USA.

Methods We quantified tree abundance and size across invasion fronts of the
widespread invasive tree species Pinus contorta at each of the nine sites, encompass-
ing both the native and introduced range. We also determined the relative impor-
tance of propagule pressure, abiotic characteristics and biotic factors for invasion
success. Finally, key plant population metrics such as individual tree growth rates
and reproductive effort were compared between native and introduced ranges.

Results Pinus contorta density decreased with increasing distance from source
population in all cases, but the importance and shape of this relationship differed
among sites due, primarily to biotic factors. For example, areas dominated by native
southern beech forest (Fuscospora cliffortioides or Nothofagus spp.) were not
invaded, and this biotic resistance was not overcome by high propagule pressure. In
contrast, shrublands were more highly invaded than grasslands, contradicting pre-
vious generalizations about pine invasions. Pinus contorta growth was faster, age to
maturity was earlier and reproductive effort was higher in the introduced ranges
compared with the native range, suggesting a demographic shift towards more
rapid population growth in introduced regions. Climatic differences between the
ranges may explain, at least in part, the observed pattern.

Main conclusions We demonstrate that although biological invasions are driven
by propagule pressure across different ecoregions, these processes interact strongly
with biotic factors. Intriguingly, our results suggest that propagule pressure may
become less important than biotic interactions as invasions proceed. Multi-region
studies including both the native and introduced ranges provide unparalleled
opportunities for understanding how these interactions change among regions as
invasions proceed.
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INTRODUCTION

Biological invasions generally, and non-native tree species in

particular, are rapidly increasing components of global change

that can have profound impacts on ecosystems (Richardson

et al., 2014). Pines (genus Pinus) have been widely introduced

across the Southern Hemisphere, where several species have

become highly invasive (Richardson et al., 1994; Simberloff
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et al., 2010) and have strongly altered native biodiversity

(Ledgard & Paul, 2008; Pawson et al., 2010; Urrutia et al., 2013),

belowground communities (Dehlin et al., 2008; Dickie et al.,

2011, 2014) and hydrological processes (Simberloff et al., 2010).

The widespread introduction of pines to diverse regions of the

Southern Hemisphere is an ideal ‘natural experiment’ for deter-

mining which processes drive pine invasions and whether these

processes are globally consistent or context dependent (Gundale

et al., 2014b). Some species also invade open habitats in their

native range (Simberloff et al., 2012), thus enabling direct

comparisons of invasions in both the native and introduced

ranges and generating insights into the processes and mecha-

nisms underlying invasions that are not possible using more

biogeographically constrained approaches (Pauchard et al.,

2004; Hierro et al., 2005; Leishman et al., 2014). Multi-region

studies are also essential to determine if results found at indi-

vidual sites depend on local land-use history, biotic and abiotic

conditions and disturbance or are more generalizable (Kueffer

et al., 2013; Moodley et al., 2014).

Comparing invasion patterns across regions provides insights

into the environmental and ecological processes and filters that

operate at different stages of invasion (Dietz & Edwards, 2006;

Theoharides & Dukes, 2007; Catford et al., 2009). Early in inva-

sion, propagule pressure (i.e. the supply and frequency of intro-

duction of plant propagules) is widely thought to drive invasion

success (Lockwood et al., 2005; Theoharides & Dukes, 2007;

Catford et al., 2009; Simberloff, 2009). The role of propagule

pressure later in invasion is less certain; evidence both for con-

tinued (Rouget & Richardson, 2003; Lockwood et al., 2005;

Simberloff, 2009) or diminished importance relative to abiotic

factors and biotic resistance (Theoharides & Dukes, 2007;

Catford et al., 2009) suggests that interactions among these

drivers are likely. Therefore, studies that determine how

propagule pressure, biological and environmental factors inter-

act to determine invasion success are needed (Rouget &

Richardson, 2003).

Pine invasions are an ideal system for determining the relative

importance of habitat, disturbance and propagule pressure

during the spread phase of invasion. Deliberately established

plantations have created similar source populations for inva-

sions across the Southern Hemisphere (Gundale et al., 2014b).

Although pine species used in forestry are often more invasive

than non-forestry species (Essl et al., 2010), invasion away from

plantations does not always occur (Zenni & Nuñez, 2013). A

given pine species is more likely to be broadly invasive if it has

relatively small seeds, rapid onset of reproduction and more

frequent large seed crops (Richardson et al., 1994). Studies of

specific pine species invasions can also resolve the role of chang-

ing invasion drivers at the intraspecific level (Dietz & Edwards,

2006) because of the known introduction history.

Pinus contorta, Dougl. (lodgepole pine), native to western

North America, is one of the most invasive pine species intro-

duced to the Southern Hemisphere (Richardson et al., 1994).

Pinus contorta has recently encroached into grasslands,

shrublands and subalpine meadows in its native range (e.g.

Jakubos & Romme, 1993; Widenmaier & Strong, 2010). Here-

after, we refer to this encroachment as invasion (Jakubos &

Romme, 1993; Boulant et al., 2009). Pinus contorta is a ‘model

species’ for comparing hypotheses of invasion success because it

has a known introduction history, it can be aged providing an

invasion history and it has been planted under different biotic

and abiotic conditions (Gundale et al., 2014b). There have been

several studies describing patterns of, and limitations to,

P. contorta invasion in Chile (Peña et al., 2008; Langdon et al.,

2010), Argentina (Simberloff et al., 2002; Sarasola et al., 2006;

Nuñez et al., 2008, 2009) and New Zealand (Allen & Lee, 1989;

Ledgard, 2001, 2006); however, no study has compared invasion

patterns among ecoregions and the relative importance of

propagule pressure, native vegetation, topography and climate

in determining invasion patterns across ecoregions. These

factors are consistently important in determining the distribu-

tion of invasive species (e.g. Rouget & Richardson, 2003; Catford

et al., 2009). Additionally, understanding if invasive species

behave or grow differently in their introduced range than in

their native range is a central question in invasion biology (e.g.

Willis et al., 1999; Parker et al., 2013).

We evaluated differences in the patterns and processes that

drive P. contorta invasion across nine sites in six ecoregions in

Argentina, Chile, New Zealand and its native range in the

western USA. Specifically, we predicted that: (1) propagule pres-

sure would be more important in explaining P. contorta invasion

patterns than biotic or abiotic factors across all ecoregions; (2)

P. contorta invasion success, measured by invasion density,

would be higher in the introduced than the native range; and (3)

that ecoregions with the highest invasion densities would also

have the highest P. contorta growth rates and fecundity.

METHODS

Study species

Pinus contorta is a shade-intolerant fast-growing tree species

that first reproduces at 3 to 15 years of age and has small seeds

capable of long-distance dispersal by wind (Richardson et al.,

1994; Despain, 2001; Ledgard, 2001). Pinus contorta is native to

North America, where it has a wide distribution ranging from

South Dakota (103° W) to the Pacific coast (134° W) and from

Baja California, Mexico (31° N) to the Yukon Territory, Canada

(64° N) (Lotan & Critchfield, 1990).

Study sites

Sampling occurred at nine sites in six ecoregions (based on

Olson et al., 2001) in Argentina, Chile, New Zealand (all intro-

duced) and the USA (native; Table 1; Appendix S1 in Support-

ing Information). The first site in Bariloche, Argentina (AR1a)

was a shrub steppe community (Mulinum spinosum, Acaena

spp.) with patches of the small tree Nothofagus antarctica. Fires

have burned through this area in the past 15 years. Site AR1b, 3

km away, was dominated by the same shrub community but had

a younger source population (Table 1). Coyhaique Alto, Chile

(CL1) was a grass steppe community (Festuca spp.) with several
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large patches of N. antarctica and small areas of Pinus ponderosa

plantation and Nothofagus pumilio forest (Langdon et al., 2010).

The second Chilean site was located in Reserva Nacional

Malalcahuello (CL2) and was dominated by Araucaria araucana

woodland, had areas of N. antarctica and an understorey com-

prising mainly Chusquea culeou (Peña et al., 2008; Urrutia et al.,

2013). The sites in New Zealand were all in the Canterbury

Region on the South Island. NZ1 was dominated by a mixture of

native and non-native grasses and forbs (Agrostis capillaris,

Hieracium spp., Festuca novae-zelandiae). The more diverse

Craigieburn Forest Park site (NZ2a) had a similar mixture

of grasses and forbs, but also contained the tall shrub

Leptospermum scoparium, shorter shrubs and Fuscospora

cliffortioides forest. NZ2b was a grass-dominated community

similar to NZ1. NZ2a and NZ2b were located 10 km apart and

differed in the age and size of their source populations (Table 1).

The sites in the USA were located in the Greater Yellowstone

ecosystem, Montana and Wyoming, and included unburned

(USA1a) and burned (in 1988; USA1b) sagebrush steppe (Arte-

misia tridentata, Festuca idahoensis). The oldest invading trees at

USA1 were older than 100 years; however, most of the encroach-

ment has occurred in the last 50 years. We tried to minimize

differences between sites (grazing, management), but inevitably

some differences in land-use history may have contributed to

variation in our data.

Field sampling within each ecoregion

Within each study site, random points along the P. contorta

source population were selected as starting points for 10-m wide

transects. Transects were located perpendicularly away from the

source until they: (1) entered another P. contorta stand, (2)

reached 2 km from the source, or (3) were impassable due to

topographic barriers. At NZ1 the invasion spread farther from

the source requiring longer (3.5 km) transects. Tree density in

100-m2 plots was collected continuously along each transect

except in NZ1 and CL2 where density was collected in randomly

selected plots (n = 1–5 every 100 m). Along all transects, height,

basal diameter, age and current year cone production for all

P. contorta individuals were measured within complete sample

plots (n = 1–5 every 100 m). No serotinous cones were observed

in the introduced range, but were occasionally seen in the native

range.

Statistical analysis

All statistical analyses were conducted using R version 3.1.1

(R Core Team, 2014).

Importance of propagule pressure, biotic factors, and abiotic

factors within ecoregions

To determine the relative importance of drivers for invasion

success, we created negative binomial mixed models of

P. contorta density for each ecoregion (AR1, CL1, CL2, NZ1,

NZ2, USA1); this accounts for both overdispersion (Ver Hoef &

Boveng, 2007) and spatial autocorrelation (Fournier et al., 2012;

Skaug et al., 2013). AR1, NZ2 and USA1 had two sites within the

ecoregion (e.g. AR1a and AR1b) so site was included in models

for those ecoregions. Fixed effects in all models included: dis-

tance from source edge (nearest P. contorta plantation or forest),

slope, cosine of aspect, sine of aspect, elevation, vegetation type

[grass, Araucaria araucana, Fuscospora cliffortioides, Nothofagus

spp., Pinus ponderosa plantation, short shrub (< 1 m), tall shrub

(> 1 m)] and the interaction between vegetation type and dis-

tance from source (Table S2 in Appendix S1). Where the inter-

action was not significant (P > 0.05) it was removed from the

model. In AR1, fire (if burned in the last 15 years) was also

included as a fixed effect. Correlograms suggested that the

maximum distance of density correlation was around 50 m and

that including 50-m clusters as a random effect in the model

significantly reduced the spatial autocorrelation. A post-hoc

Table 1 Descriptions of all study regions (AR1, CL1, CL2, NZ1, NZ2, USA1) and sites within regions. Introduced range regions included
AR1 in Argentina, CL1 and CL2 in Chile and NZ1 and NZ2 in New Zealand. The native range region USA1 was in Montana and
Wyoming, USA. For more site details see Appendix S1.

Site Long. Lat. Ecoregion

Density

plots Source type

Source

age

(years)

Ann.

temp.

(°C)

Ann.

precip.

(mm)

AR1a −71.2 −41.2 Patagonian shrub steppe 786 Plantation 34 8.2 846

AR1b −71.2 −41.2 153 Planted shelter 25 8.2 846

CL1 −71.7 −45.5 Patagonian grass steppe* 434 Plantation 23 5.8 715

CL2 −71.5 −38.4 Valdivian temperate forests 54 Forestry trial plots 43 6.7 1586

NZ1 170.2 −44.1 Canterbury–Otago tussock grasslands 402 Plantation 45 9.3 658

NZ2a 171.7 −43.2 South Island montane grasslands 247 Plantation 53 7.3 2241

NZ2b 171.7 −43.2 84 Planted shelter 46 8.3 1652

USA1a −111.1 45.1 South central Rockies forest–shrub steppe 1024 Native Forest > 100 1.4 643

USA1b −111.0 44.7 827 Native Forest 25 1.6 587

Abbreviations: long., longitude; lat., latitude; ann., annual; temp., temperature; precip., precipitation.
*We differentiate here between grass steppe and shrub steppe cf. Olson et al. (2001).
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Markov chain (MCMC) run for 10,000 simulations was used to

estimate model coefficients. Likelihood ratio tests were also used

to test fixed effects.

The relative importance of propagule pressure (at the local

scale, represented by distance from the source edge), biotic (veg-

etation type) and abiotic (slope, sine and cosine of aspect, eleva-

tion, fire) factors (sensu Catford et al., 2009) in explaining the

density of P. contorta in each region was determined by assessing

the improvement in model fit (Akaike information criterion

corrected for small sample size, AICc) over the null model

(random cluster effect and, where necessary, site) due to each

predictor group (propagule pressure, biotic, abiotic). Only the

native region (USA) had a large temperature and precipitation

range within the region, so a second mixed effect negative bino-

mial model for the US data only was created to assess the role of

climate with the fixed effects of vegetation type, distance to

forest edge, mean annual temperature and mean annual precipi-

tation. The random effects included site and cluster. We recog-

nize that each of these factors do not represent all components

of propagule pressure, biotic factors and abiotic factors that

affect invasions. For example, soil nutrients, texture and biota

likely differed between plots and could also affect invasion

density. However, given the broad scale of our study, we selected

factors that are directly comparable amongst contrasting sites,

are well known to determine plant growth or performance and

have been used in other studies examining species distributions

(e.g. Brummer et al., 2013). Although additional abiotic (e.g.

soil variables) and biotic (e.g. soil biota) factors can also con-

tribute to variation in invasion success, these were beyond the

scope of our study, and would contribute to unexplained sources

of variation in our models.

Comparing densities between sites

A mixed negative binomial model of tree density was con-

structed using data from all sites. The fixed effects were site,

distance from source, vegetation type, the interaction between

vegetation type and distance from source and the interaction

between site and distance from source. The random effect was

cluster. In this global model, site was significant, so to further

determine what factors explained the site effect, we also con-

structed models with climate variables and plantation age. We

explored the potential for climate to explain differences between

sites using 19 bioclimatic variables (Hijmans et al., 2005). Many

bioclimatic variables were collinear so we first created models

with the fixed effects of one bioclimatic variable, vegetation

type, and distance from source. Site and cluster were included as

random effects. In the final model we used the most explanatory

climate variable, based on the AICc from these models. This

process was then repeated for data from just the introduced

range. With data from the introduced range we also explored the

possibility that differences in plantation age contributed to dif-

ferent invasion patterns between sites by including source age

(young, < 30 years; old, > 30 years) and its interaction with dis-

tance from plantation (instead of climate, due to collinearity) in

a separate model. Finally, to estimate invasion potential in each

site regardless of source age, we compared invasion densities

next to the source edge at all sites by modelling the density of the

plots within 200 m of the source with a mixed negative binomial

model with site and vegetation type as fixed effects and cluster as

a random effect.

Differences in growth and reproduction between ecoregions

Data for tree size and reproduction from all ecoregions were

combined. Only trees aged ≤ 20 years (a total of 4784) were used

for this analysis since several sites did not contain trees older

than 20 years. A mixed linear model of log-transformed basal

diameter was run with tree age, ecoregion, vegetation type, dis-

tance from source and the interaction between age and

ecoregion as fixed effects and plot as a random effect (Bates

et al., 2014). P-values were calculated with Satterthwaite’s

approximations (Kuznetsova et al., 2014). The number of cones

per tree was modelled as a response to the fixed effects of tree

age, ecoregion, vegetation type, distance from source and the

interaction between age and ecoregion, as well as the random

effect of plot, with a Poisson model fit with quasi-likelihood

(Venables & Ripley, 2002). Some sites had low P. contorta den-

sities so ecoregion (AR1, CL1, CL2, NZ1, NZ2, USA1) rather

than site was used in these models.

RESULTS

Importance of propagule pressure, biotic factors and
abiotic factors within ecoregions

Across all regions there was a negative relationship between tree

density and distance from source (see Table S3 in Appendix S2

for detailed model results). In the introduced range, variation in

P. contorta density was best accounted for by distance from

source at CL1, CL2 and NZ1, whereas vegetation type was the

most explanatory variable at AR1 and NZ2, and also important

at CL1 (Table 2). Areas dominated by southern beech

(Nothofagus spp. and Fuscospora cliffortioides) in all ecoregions,

and by tall shrubs at NZ2, had low P. contorta densities (Fig. 1;

Table S3). The relationship between distance from source and

density differed between vegetation types at AR1 and CL1

(Table S3), because density was consistently near zero for veg-

etation dominated by N. antarctica but not other vegetation

types. Abiotic factors were never the strongest predictor of

P. contorta density (Table 2), although some topographic factors

were significant at some sites (Table S3). Recently burned areas

had lower P. contorta densities at AR1 (Table S3). The sites AR1a

and NZ2a had higher densities than AR1b and NZ2b, respec-

tively (Tables 1 & S3).

In the native range (USA1), distance from source was the

most important explanatory variable (Table 2). Higher

P. contorta densities were associated with areas with short shrubs

compared with grass-dominated areas close to the forest edge

(significant vegetation by distance to source interaction) and

there was a negative relationship between elevation and

P. contorta density (Fig. 1, Table S3). Higher P. contorta densities

Drivers of pine invasions vary among ecoregions
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were observed in USA1a (unburned) than USA1b (burned

in 1988; Table S3). The climate model for USA1 showed

that both mean annual temperature and precipitation were

positively associated with P. contorta density (χ2 = 23.3, d.f. = 1,

P < 0.0001; and χ2 = 11.0, d.f. = 1, P = 0.0009, respectively;

Fig. S2 in Appendix S4).

Comparing densities between sites

Density, in the global model, was explained by distance

from source (χ2 = 61.5, d.f. = 1, P < 0.001), vegetation type

(χ2 = 136.9, d.f. = 3, P < 0.001), site (χ2 = 2906.6, d.f. = 8,

P < 0.001), distance from source by vegetation interaction

(χ2 = 7.6, d.f. = 3, P = 0.054; Fig. 1) and distance from source by

site interaction (χ2 = 272.1, d.f. = 8, P < 0.001; Fig. 2, Table S5 in

Appendix S3). Average P. contorta density decreased with

increasing distance from the source. Forested areas and areas

dominated by tall shrubs had lower P. contorta densities than

grasslands, while areas dominated by short shrubs had higher

densities than grasslands. NZ1, NZ2a and AR1a had a smaller

decline in density with distance from source than the native

unburned site (USA1a; Table S5). The two native sites had lower

mean P. contorta densities in the first 200 m of invasion than all

introduced sites (P < 0.001 for all pairwise comparisons). Inva-

sion density was positively correlated with mean temperature of

the coldest quarter when using data from all sites (χ2 = 356.7,

d.f. = 1, P < 0.001; Table S6 in Appendix S4) and, in just the

Table 2 The improvement in the Akaike information criterion
corrected for small sample size (AICc) of each model over the
null model (random cluster effect, and where necessary, site)
within each ecoregion (the more negative, the more improvement
over the null model). Definitions of the region codes and further
region descriptions can be found in Table 1 and Appendix S1. See
Appendix S2 for more detailed results.

Region

Improvement in AICc

P A B PAB

AR1 −14.8 −8.3 −98.7 −137.7

CL1 −48.8 4.9 −37.9 −107.5

CL2 −11.5 −2.6 2.7 −14.8

NZ1 −12.8 −8.4 2.1 −12.8

NZ2 1.8 −12.6 −48.3 −78.0

USA1 −14.5 −2.7 −0.2 −37.9

P stands for the model containing the propagule pressure (distance from
source) covariate, B for the model containing the biotic covariate (veg-
etation type), A for the model containing abiotic covariates (elevation,
slope, aspect (sine and cosine), and fire), and PAB for the model con-
taining all covariates.

Figure 1 Relationship between tree density (Pinus contorta trees
ha–1) and distance from source populations (km) for four sites
(AR1a, CL1, NZ1, USA1a) representing different ecoregions
(Table 1, Appendix S1). Pinus contorta is native to sites in the USA
but not to other ecoregions. Vegetation (biotic) differences within
individual sites are shown using contrasting symbols for data
points representing plot vegetation type. ‘Noth’ represents native
Nothofagus spp. trees and ‘PIPO’ represents Pinus ponderosa
plantation.
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Figure 2 Fitted relationships between P. contorta density (trees
ha–1) and distance from source population (km) for
grass-dominated areas from the global model which contained
distance from source, vegetation type, site, distance from source
by vegetation interaction and distance from source by site
interaction as explanatory variables (Table S5 in Appendix S3).
Introduced range sites included AR1a and AR1b in Argentina,
CL1 and CL2 in Chile and NZ1, NZ2a and NZ2b in New Zealand.
Native range sites included USA1a and USA1b in Montana and
Wyoming, USA (Table 1, Appendix S1).
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introduced range, density was positively correlated with mean

temperature of the wettest quarter (χ2 = 4.25, d.f. = 1,

P = 0.039). Introduced sites with source plantations younger

than 30 years had a significantly steeper decline in density with

increasing distance from plantations than sites with older source

plantations (χ2 = 39.5, d.f. = 1, P < 0.001).

Differences in growth and reproduction
between ecoregions

Pinus contorta grew fastest and produced more cones at the

youngest ages at the New Zealand sites; CL2 and USA1 had the

slowest growth rates and the lowest cone production, and AR1

and CL1 were intermediate. Ecoregion, tree age and their inter-

action best predicted variation in P. contorta basal diameter

(χ2 = 251.6, d.f. = 5, P < 0.001; χ2 = 12,591.1, d.f. = 1, P < 0.001;

χ2 = 1491.2, d.f. = 5, P < 0.001, respectively). Vegetation type

was also a significant predictor of basal diameter (χ2 = 16.7,

d.f. = 5, P = 0.005) with higher growth rates in P. ponderosa

plantations (t = 3.23, d.f. = 747, P = 0.001) and short shrublands

(t = 2.28, d.f. = 266, P = 0.023) compared with grasslands. The

relationship between basal diameter and tree age differed

between the native ecoregion and all introduced ecoregions

(P < 0.001 for all pairwise comparisons; Fig. 3).

Ecoregion, tree age and their interaction were also all highly

significant predictors of the number of cones per tree

(χ2 = 107.9, d.f. = 5, P < 0.001; χ2 = 13,385.4, d.f. = 1, P < 0.001;

χ2 = 164.5, d.f. = 5, P < 0.001, respectively). Trees in all intro-

duced ecoregions produced, on average, more cones at a

younger age than trees in the native ecoregion (P < 0.05 for all

pairwise comparisons; Fig. 4).

DISCUSSION

We provide empirical evidence that the relative importance of

widely accepted drivers of invasion (propagule pressure, biotic

factors and abiotic factors) varied strongly amongst six

ecoregions for a widespread invasive tree species. This variation

in factors driving invasion was due to plantation age, local veg-

etation and climate, but also a consistent shift in demographic

properties of the invasive tree towards faster growth, greater

reproductive effort and higher rates of establishment in the

introduced than in the native range. Biological resistance at the

introduced sites altered invasion patterns and became more

important than propagule pressure as the invasion proceeded.

These findings provide a better understanding of variation in

major drivers of biological invasions across biogeographic

regions, as outlined below.

Propagule pressure

Propagule pressure is thought to be the major driver of biologi-

cal invasions (Lockwood et al., 2005; Simberloff, 2009). Consist-

ent with this view, we observed negative relationships between

Figure 3 Relationships between Pinus contorta tree size (basal
diameter, cm) and age (years) among ecoregions. Data shown are
coloured/shaded by ecoregion and shaped by country (but filled
or hollow based on ecoregion). Descriptions of the ecoregions can
be found in Table 1 and Appendix S1.

Figure 4 Relationships between P. contorta reproductive effort or
fecundity (number of cones produced in a sampling year per tree)
and tree age (years) among ecoregions. Data shown are
coloured/shaded by ecoregion and shaped by country (but filled
or hollow based on ecoregion). Descriptions of the ecoregions can
be found in Table 1 and Appendix S1.
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P. contorta density and distance from source (Fig. 2) as did pre-

vious studies at individual sites (Ledgard, 2001; Sarasola et al.,

2006; Peña et al., 2008; Langdon et al., 2010). However, we addi-

tionally found that the relative importance of propagule pres-

sure differed among regions. In the introduced range the

sharpest decrease in density with increasing distance from the

source population occurred at sites with recent invasions (AR1b,

CL1), whereas older invasions (AR1a, NZ1, NZ2a) maintained

high densities farther from the source (Fig. 1). One explanation

for this is that habitat characteristics or biotic factors may

become increasingly important relative to propagule pressure as

invasion proceeds (Dietz & Edwards, 2006). This idea is sup-

ported by our finding that vegetation type was more important

than propagule pressure for older invasions at AR1a and NZ2.

Similarly, Donaldson et al. (2014) also report that source popu-

lation was most important in explaining invasion abundance

early in the tree invasion process, but that the invader’s repro-

duction rate was more important for later stages. In the native

range, distance to source was the most important variable

despite the older source age, potentially due to the harsh abiotic

conditions (Theoharides & Dukes, 2007). However, we could

not disentangle fully the effects of propagule pressure from the

source population or plantation from those of propagules sup-

plied by previously invading trees (Fig. S3 in Appendix S5).

Overall, our results show that biotic effects outweighed

propagule pressure at some stages of invasion, and therefore

strongly suggest that understanding the long-term biotic inter-

actions that occur during biological invasions are important,

even though these interactions are not typically considered by,

for example, climate matching models (e.g. Nuñez & Medley,

2011).

Biotic factors

There was little invasion by P. contorta into areas dominated by

either tall shrubs or southern beech across our study sites, sug-

gesting that biological regulation of tree invasion may be a

common feature and should occur in other introduced ranges.

More generally, it has been suggested that forests and shrublands

are less likely than grasslands to be invaded by pines (Richardson

et al., 1994). Consistent with this idea, a previous study also

found a negative relationship between P. contorta invasion

success and presence of the native tree Nothofagus antarctica

(Peña et al., 2008). In contrast, native Araucaria araucana forests

were easily invaded (our study and Peña et al., 2008), suggesting

that biological regulation of tree invasions can be context

dependent, in this case probably related to overall canopy cover

in the different forest types (Peña et al., 2008) or due to associ-

ated biological interactions not considered here, such as the

availability and efficacy of mutualistic species (e.g. Dickie et al.,

2010; Hayward et al., 2015). Our global model incorporating

data across all sites demonstrates that short shrublands had

higher tree invasion densities than grasslands. Although we did

not investigate the potential mechanisms involved, such as

resource competition between grasses and P. contorta seedlings

(Ledgard, 2001, 2006), our results suggest that areas with higher

soil moisture and greater plant cover were consistently more

resistant to invasion by P. contorta. Such biological mediation of

invasion success is likely to be widespread. For example, in Chile

(near CL1), native grass steppe communities were more easily

invaded than European forage grass communities (Langdon

et al., 2010). Boulant et al. (2009) found that the effect of shrub

cover on pine invasion rate depended on grazing intensity.

Therefore, our results coupled with previous studies demon-

strate that generalizations about whether forests, shrublands

or grasslands may be more easily invaded are not warranted,

but rather that biological factors per se (e.g. vegetation type,

herbivory, presence of mutualists or pathogens) determine dif-

ferences in invasion success; thus invasion rate and extent is

context dependent (e.g. Wood et al., 2015).

High propagule pressure is thought to overwhelm the effect of

biotic resistance to invasions (Von Holle & Simberloff, 2005).

However, we observed little P. contorta invasion from plantations

into adjacent areas dominated by tall shrubs or southern beech

despite relatively long-term (decadal) high propagule pressure

(Fig. 1). For example, in Chile (site CL1), there was little invasion

of P. contorta into adjacent savanna-like vegetation dominated by

the native tree N. antarctica despite available bare ground and

low canopy cover, factors typically thought to promote establish-

ment and invasion by conifers (Lotan & Critchfield, 1990;

Ledgard, 2001). This highlights the difference between propagule

pressure and establishment success. There are a range of likely

biotic mechanisms mediating between propagule pressure and

establishment success, such as missing mutualists (Nuñez et al.,

2009), herbivory or granivory by animals (Buckley et al., 2005;

Nuñez et al., 2008; Boulant et al., 2009) or accumulated patho-

gens and disease (Diez et al., 2010). This highlights the impor-

tance of considering site-specific interactions between individual

drivers (propagule pressure, biotic factors, abiotic factors) when

explaining invasion patterns (Catford et al., 2009).

Differences in density and growth between sites could also be

a result of biotic interactions. Although climate differs between

the native and introduced ranges (Table 1), the importance of

winter temperature in the global density model may represent

differences between the USA and other sites generally, including

climate factors but also other differences not included in the

model. For example, there could be native pathogens or herbi-

vores that are more abundant in the USA than in introduced

ranges. Seed predation could cause reduced establishment in the

native range, where it is higher than in all other sites (K.T.T.,

unpublished). Soil feedbacks on P. contorta have been found to

be more negative in native soil than soil from the introduced

range (Gundale et al., 2014a), which could also contribute

to the observed differences in growth. Finally, ectomycorrhizae

could contribute to differences in growth rates, as evidenced

by the higher growth rate of P. contorta invading P. ponderosa

plantations than the grass steppe (where pine-specific

ectomycorrhizae are likely less abundant) and higher growth

rates at NZ2 where P. contorta associates with 14

ectomycorrhizal species (Dickie et al., 2010), compared to CL1

where it often associates with just one ectomycorrhizal species

(Hayward et al., 2015).
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Abiotic factors

We did not find strong or consistent effects of topographic vari-

ables on P. contorta density; however, climate had a more impor-

tant role. The ability of P. contorta to grow on most slopes,

aspects and elevations probably reflects its broad fundamental

niche (Rehfeldt et al., 1999). Where topographic factors were

important, elevation was most likely to show a relationship with

density; however, the direction of the relationship was not con-

sistent among locations. In the USA the relationship between

elevation and density may be largely explained by the positive

correlation between mean annual temperature and P. contorta

invasion density. Within the warmer low-elevation areas, those

that received higher precipitation had higher densities. Similarly,

in the introduced range the most important climate variable in

explaining invasion density was temperature during the wettest

quarter of the year. This suggests that P. contorta establishes and

survives better in areas with high precipitation during the

warmer months. The importance of abiotic factors in explaining

invasion density may have been higher if we had been able to

include other abiotic factors, such as detailed soil data.

At AR1 and USA1 there were lower levels of invasion in

recently burned areas than in unburned areas. While at USA1

the difference in fire history is confounded with site, the vegeta-

tion and abiotic settings of the sites are extremely similar, so fire

is likely to be partially responsible for the differences found in

invasion density. Thus, fire through low-density invasion fronts

may reduce invasion rates where native plants are adapted to

regenerate following fire (Widenmaier & Strong, 2010), con-

trary to concerns that a positive feedback could form between

pine invasions and fire (Simberloff et al., 2010). Our results

suggest that prescribed fire in low-density invasions could be

explored as a management option. In contrast, fire through

higher-density invasions or plantations in the introduced range

may have different outcomes because dense invasions alter fuel

structure (Cóbar-Carranza et al., 2014) and therefore may alter

fire behaviour and the post-fire plant community.

Global differences in density, size and reproduction

Pinus contorta invasion density was consistently higher in the

introduced range than the native range. Several other plant

species also have higher densities in their introduced than native

ranges; however, for some species densities do not vary across

ranges (Parker et al., 2013). Therefore it is important to recog-

nize that P. contorta does behave differently when invading open

areas in its native and introduced ranges, which could reflect

differences in the underlying processes causing invasion

between the native and introduced ranges. Although P. contorta

can form extremely dense stands in forested areas in its native

range, particularly after fire, our results suggest that these den-

sities are not reached in situations where P. contorta encroaches

from forest edges into shrubland steppe in its native range, even

after fire. It is possible that invasion from plantations (intro-

duced range) may proceed differently from invasion from forest

edges (native range), where the surrounding vegetation has

evolved in proximity to pines. Plantations often are highly dis-

turbed during the planting process, and post-planting manage-

ment (such as removing lower limbs) may alter wind dynamics

and seed dispersal. Additional differences between the native

and introduced range that could affect the invasion process

include different seed predators, herbivores and pathogens, as

well as climatic differences that may result in a longer photosyn-

thetic period in the warmer introduced ranges.

Pinus contorta trees grew faster and reproduced more prolifi-

cally and at a younger age in the introduced than the native

range. Other plant species have also increased growth or seed

production in their introduced range, although the underlying

mechanisms are unresolved (Willis et al., 1999; Parker et al.,

2013). The observed difference in P. contorta cone production

could result in significantly higher propagule pressure in the

introduced range than the native range, and this could explain

the difference in invasion densities between ranges. Given the

relatively long generation time of P. contorta and the young age

of the plantations in most areas it is more likely that the differ-

ences in density, growth and reproduction are phenotypic

responses to differences in climate or pathogens and herbivores

rather than the result of rapid evolution in the introduced range

(Buswell et al., 2011). Our results suggest that higher tempera-

tures are correlated with higher invasion densities, especially

when sufficient moisture is present. In its native range in British

Columbia, Canada, P. contorta occurs in climates that are colder

and more continental than those in which optimal growth

occurs (Rehfeldt et al., 1999). The warmer, more maritime, cli-

mates found at the Southern Hemisphere study sites may thus

be more optimal for growth of P. contorta. More detailed inves-

tigation of the mechanisms involved (e.g. climatic effects) and

differences in fundamental traits (e.g. variability in seed number

and quality among individuals; Coutts et al., 2012) is thus war-

ranted. Overall, our data suggest that a coordinated demo-

graphic shift towards faster growth and earlier, greater,

reproductive effort in the introduced range has occurred;

however, the underlying mechanisms involved and the persis-

tence of these demographic shifts remains to be determined.

Management implications

The best management approach for tree invasions depends on

both habitat heterogeneity and tree demography (Caplat et al.,

2014). We found that invasion success was driven by propagule

pressure but that certain habitats, such as closed-canopy forests

or tall shrublands, resisted pine invasions regardless of

propagule pressure. Therefore, low-density P. contorta invasions

in these habitats should be a low priority for management. Low-

lying areas with dense herbaceous cover may also provide resist-

ance to pine invasion (Ledgard, 2006), especially if herbivory is

common (Buckley et al., 2005). Additionally, we found that

P. contorta demography varied between sites, suggesting that

invasion spread rates will probably differ between sites even

within a management jurisdiction. Therefore, monitoring inva-

sions and the response to management will help prioritize which

populations to manage (Rew et al., 2007; Wilson et al., 2014).
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