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Land-use change is a root cause of the extinction crisis, but links between
habitat change and biodiversity loss are not fully understood. While there is
evidence that habitat loss is an important extinction driver, the relevance
of habitat fragmentation remains debated. Moreover, while time delays of
biodiversity responses to habitat transformation are well-documented, time-
delayed effects have been ignored in the habitat loss versus fragmentation
debate. Here, using a hierarchical Bayesian multi-species occupancy frame-
work, we systematically tested for time-delayed responses of bird and
mammal communities to habitat loss and to habitat fragmentation.We focused
on the Argentine Chaco, where deforestation has been widespread recently.
We used an extensive field dataset on birds and mammals, along with a
time series of annual woodland maps from 1985 to 2016 covering recent and
historical habitat transformations. Contemporary habitat amount explained
bird andmammal occupancy better than past habitat amount. However, occu-
pancy was affected more by the past rather than recent fragmentation,
indicating a time-delayed response to fragmentation. Considering past land-
scape patterns is therefore crucial for understanding current biodiversity
patterns. Not accounting for land-use history ignores the possibility of extinc-
tion debt and can thus obscure impacts of fragmentation, potentially
explaining contrasting findings of habitat loss versus fragmentation studies.
1. Introduction
Land-use change is amain driver of biodiversity loss, primarily via loss and frag-
mentation of habitat [1]. Where habitat is lost, species’ populations decline and
might eventually go extinct; a phenomenon widely observed [2,3] and with
strong theoretical underpinnings in population ecology [4]. Additionally, as habi-
tat is lost, landscapes become more fragmented, containing higher numbers of
typically smaller and more isolated patches [5]. Metapopulation theory [6] and
island biogeography theory [7] suggest that fragmentation negatively impacts
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species’ populations and overall species richness. Finally, frag-
mented landscapes containmore edge habitat [8], which exerts
pressure on many species, for instance by degrading habitat
quality, altering biophysical conditions, changing species inter-
actions or increasing human–wildlife conflicts [5,9,10].

Yet, edgehabitats also increase landscapeheterogeneity, and
therefore, species richness may increase near edges [11]. Recent
reviews indicate that the effect of habitat fragmentation on bio-
diversity, independent of habitat amount, is weak and could
even be positive sometimes [3,11,12]. This suggests that species
primarily respond to the extent of habitat in the landscape (i.e.
the habitat amount hypothesis [3]) and not to fragmentation
(i.e. habitat patch configuration). The resulting debate about
the relative importance of habitat fragmentation, and whether
the effects of fragmentation on biodiversity are negative or posi-
tive,hasbeenheated [3,13–15]. Thisdebatehaspotentiallymajor
consequences for conservation [16]. If fragmentation affects bio-
diversity negatively, protecting large habitat patches, and
corridors between them, should be prioritized [17]. On the con-
trary, if habitat amount is the main determinant of biodiversity,
several small habitat patches will have the same conservation
value as an equally large, single patch [11,12,18], and greater
emphasis should be put on protecting the largest amount of
habitat, regardless of connectivity and patch size.

Available evidence on the relative effects of habitat amount
versus fragmentation on biodiversity, however, remains incon-
clusive [16], especially at broader spatial scales [13]. Several
factors contribute to this. First, fragmentation effects may
differ at the patch scale versus landscape scale, because some
processes acting at landscape scales cannot be captured when
studying individual patches (e.g. interactions with wide-
ranging species, habitat diversity across patches). Second,
different effects can be foundwhen focusing on habitat special-
ists (e.g. forest-dependent species) versus generalists or the
entire community [10]. Third, fragmentation effects consist of
edge effects and isolation effects, and focusing on only one
aspect may not capture the full impact of fragmentation
[19,20]. Finally, the time period over which habitat fragmenta-
tion is studiedmay greatly impact conclusions [16,20], yetmost
studies are based on contemporary landscape data.

This focus only on contemporary landscapes is particularly
worrisome given increasing evidence for time-delayed res-
ponses of biodiversity to habitat transformation [21–24].
Species do not always react to habitat transformation immedi-
ately and may persist for decades in transformed landscapes
[22]. Such time-delayed responses can create extinction debt,
i.e. number or proportion of extant species predicted to
go extinct due to past landscape transformation [25]. The
probability of communities showing time-delayed respon-
ses depends on species’ life-history traits, as well as other
factors related to landscape transformation (e.g. magnitude of
landscape change or time since transformation [22,26]). Under-
standing time-delayed responses and extinction debt is critical
to delineating a window of time for conservation to avert
such extinctions [22]. Surprisingly though, most fragmentation
studies have ignored time-delayed effects [15,19].

A typical limitation of studies that have investigated
time-delayed effects of habitat loss and fragmentation on
biodiversity is that they assessed land-use change on only one
or a few snapshots in time, typicallywith long periods between
them [21,24,27]. However, land-use change often occurs
gradually, meaning that estimated time-delayed responses
might remain undetected or appear to be overly long when
considering few snapshots. Previous studies also typically
assumed that time-delayed response is the same for habitat
loss and habitat fragmentation. This is potentially problematic
because the effects of past habitat loss may be more immediate
than those of fragmentation. In fact, long-term fragmentation
experiments found effects of fragmentation to magnify over
time [20,28]. To our knowledge, no study has investigated
whether time-delayed responses of biodiversity to habitat loss
and habitat fragmentation differ.

Advances in satellite data availability and processing now
enable landscape change to be reconstructed at high spatial
and temporal resolutions [29]. Here, using the Landsat
archive since 1985, we systematically test for time-delayed
effects of habitat loss and habitat fragmentation on birds
and mammals in the Argentine Dry Chaco over a period of
31 years. The Chaco provides an interesting case study due
to its dynamic land-use history and recent high deforestation
rates [30]. We assessed two research questions:

1. Are contemporary or past landscape patterns more impor-
tant in determining contemporary bird and mammal
communities?

2. Are time-delayed responses more prominent for habitat
loss or habitat fragmentation?

We predicted that contemporary bird and mammal commu-
nities would be affected by past landscape patterns, because
extinction debts are likely to not yet be paid in landscapes
where habitat transformation has occurred recently, such as
the Chaco. We also predicted that time-delayed responses
would be more prominent for habitat fragmentation as
the effects of habitat fragmentation can take a long time to
manifest on the landscape.

2. Methods
(a) Study area
The Gran Chaco is the largest subtropical/tropical dry forest in
South America, covering parts of Argentina, Paraguay, Bolivia
and Brazil. The region is rich in biodiversity, harbouring over 500
birds, 150 mammals, 120 reptiles and 100 amphibians [31]. We
focused on the Argentine Dry Chaco (approx. 21 million ha,
figure 1), an area with a highly seasonal climate (precipitation:
from 450 to 900 mm; temperature: −7°C to +42°C) [32]. Natural
vegetation is dominated by woodlands with a few interspersed
natural grasslands [33]. Much of the regions’ natural vegetation
has been converted to agriculture, especially after 2000, mainly
for cattle ranching and soya bean cultivation [34]. This has resulted
in widespread woodland loss and fragmentation [30,35], which in
turn has been the main cause of defaunation [24,36].

(b) Biodiversity data
We surveyed birds and mammals at 431 sites (figure 1) selected to
represent gradients of land use and woodland cover. We recorded
birds at 233 sites during three field surveys between 2009 and 2014
[37–39], with a mean distance of 4.7 km between sites (standard
deviation: s.d. = 6.5 km). We conducted point counts at each site
(two to nine point counts per site; see electronic supplementary
material, appendix S1). Here, we only considered species that
use woodland as their main habitat, as this is by far the dominant
natural vegetation in the area and we wanted to test for time-
delayed responses to woodland loss and fragmentation. We
discarded migrant species to avoid seasonal effects and species
associated with the Andean Cloud forest (i.e. Yungas) that were
only recorded in the Chaco-Yungas ecotone.
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Figure 1. Survey sites for birds and mammals in the northern Argentine Dry
Chaco.
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We surveyedmammals during two field surveys between 2013
and 2016, using a total of 198 camera-trap stations [39,40]. Themean
distance between adjacent sites was 1.44 km (s.d. = 1.74). We set
cameras off trail where possible, to reduce detection bias associa-
ted with targeted sampling [41]. Cameras were active between
14 and 84 trapping days (mean = 39.8 days), with a total sampl-
ing effort of 7883 trapping days (see electronic supplementary
material, appendix S2). We only considered woodland-dependent
mammal species.

Wedid not assess spatial autocorrelation among sampling sites,
as common tests (e.g. spatial correlograms of model residuals) are
difficult to apply in an occupancy framework [42,43]. However,
spatial autocorrelation is not a problem, as the independence
assumption of occupancymodels relates to the observationprocess,
not to the occupancy process, and it can be accounted for with an
appropriate sampling design (e.g. random sampling, as in our
case) [44]. Additionally, overlapping landscapes have been shown
to not violate the independence assumption [45].

(c) Landscape predictors
We calculated landscape scale metrics of habitat amount and frag-
mentation, meaning that they described the spatial characteristics
of entire landscapes, not individual patches [11]. We extracted pre-
dictors for circular landscapes centred around each sampling site.
Based on sensitivity analyses (electronic supplementary material,
appendix S3), we used a 4 km radius for birds and a 2 km radius
for mammals. For each of the circular landscapes, we mapped
woodland cover for each year between 1985 and 2016 based on
Landsat composite metrics derived at a spatial resolution of 30 m
in Google Earth Engine [46]. We used an extensive database of
training samples [30] and hand-digitized deforestation polygons
between 2014 and 2016 from GUYRA Paraguay http://guyra.
org.py/informe-deforestacion. We used these training data to
parameterize a time-calibrated random forest classifier and
classified 31 annual woodland loss maps between 1985 and
2016 [47]. Each map used satellite data from that year and the pre-
vious year, to ensure consistency between years. We validated
these maps following best-practice procedures [48] (average
overall accuracy = 90%; standard error = 0.6%, see electronic
supplementary material, appendix S4 and figure S1).

We calculated one landscape predictor representing habitat
amount: percentage of woodland. To characterize fragmentation,
we calculated three predictors: percentage of edge, patch density
and cohesion index. A detailed description of these landscape
metrics is provided in figure 2 and electronic supplementary
material, appendix S5. We calculated all metrics for each land-
scape and for every year between 1985 (first woodland map)
and 2016 (last year of biodiversity sampling). To define the con-
temporary time period, we related each site to the landscape
predictors of the year when biodiversity was sampled (e.g.
sites sampled in 2015 were related to the predictors from 2015).
We then derived a time series of past landscape predictors 24
years back in time (i.e. landscape patterns from 1 year prior to
sampling, 2 years prior to sampling, etc.). We used a maximum
time period of 24 years because this is the time span between the
oldest Landsat-based woodland map (1985) and the oldest
biodiversity sampling (2009) in our dataset.
(d) Modelling framework
We used hierarchical Bayesian multi-species occupancy models
[43,49] to assess the influence of our landscape predictors on
bird and mammal communities. Occupancy models estimate
detection probability, providing a key advantage when working
with elusive species. Estimating detection probability requires
sites to be visited on multiple occasions within a period closed
to changes in occupancy [44]. For mammals, we defined a
sampling occasion as seven consecutive camera-days [50,51].
We discarded sites surveyed less than 14 camera-days to have
a minimum of two occasions per site and assumed communities
to be closed (no site-level species extinction or colonization) for a
maximum of 12 sampling occasions (84 days). This resulted in an
average of 5.69 occasions (s.d. = 3.07). For birds, we used spatial
occasions instead of temporal occasions by treating each point
count as one sampling occasion [44]. This resulted in an average
of 7.21 occasions (s.d. = 2.26).

Multi-species occupancy models are an extension of single-
species occupancy models [52], in which community occupancy
is estimated from the occupancy of all individual species, and
where species-specific parameters are drawn from a common, com-
munity-level distribution. We used data augmentation to account
for species that could theoretically be present but were unobserved
[49]. Based on the literature [53–55], and species observed during
other field surveys, we added eight bird and two mammal species
(electronic supplementary material, tables S1 and S2).

Our hierarchical community model therefore had three levels:
(i) a level related to the augmented community, in which the occur-
rence of observed or unobserved species k (wk) is represented by a
Bernoulli process (wk∼ Bernoulli [ω], where ω indicates the prob-
ability of a species belonging to the sampled community); (ii) an
ecological process in which the true occurrence of species k at site
i (zik) is a latent state variable represented by a Bernoulli process
(zik∼ Bernoulli [wk * Ψik],Ψik represents the occupancy probability)
and (iii) an observation process, in which the detection of species
k for occasion j at site i is represented by a Bernoulli process
(yijk∼ Bernoulli [zik * pijk], pijk represents the detection probability
and is conditional on the site being occupied, i.e. zik = 1).

Occupancy and detection probabilities therefore varied by
species and were additionally influenced by site characteristics.
We first fitted the detection model by including only predictors
that may affect detection, using a null occupancy model with no
parameters. For birds, we used observer and openness, and for
mammals, we included camera-trap, sampling effort, temperature
and precipitation as predictors influencing detection (table 1).
After excluding correlated predictors (table 1), we compared all
possible detection models using the Watanabe–Akaike infor-
mation criterion (WAIC) [56]. Next, we fitted the occupancy
model by adding landscape predictors while keeping the best-fit-
ting detection model constant. We used uninformative priors
and ran 10 parallel chains of 100 000 Markov chain Monte Carlo
(MCMC) iterations, discarding the first 50 000 iterations as the

http://guyra.org.py/informe-deforestacion
http://guyra.org.py/informe-deforestacion


landscape metric

percentage of
woodland

habitat loss

definition

measures the amount of
habitat in the landscape

percentage of edge

habitat fragmentation

measures the proportion
of edge habitat in the
landscape 

patch density measures the number of
patches in the landscape

cohesion index measures the structural
connectedness of
patches in the landscape

low medium High

Figure 2. Landscape metrics used to measure habitat amount and habitat fragmentation in our landscapes (4 km buffers for birds, 2 km buffers for mammals;
green = woodland; grey = matrix). Further description on metrics calculation is provided in electronic supplementary material, appendix S5. (Online version
in colour.)

Table 1. Predictors used for modelling the detection probability of birds and mammals in the Argentine Chaco.

predictor description hypothesis

BIRDS

survey observer identity experience and knowledge of the observers may influence

detection probabilities

openness presence or absence of trees at the sampling site presence of trees may decrease detection probability

MAMMALS

camera-trap camera-trap survey different camera-trap brands and deployments may lead to

different detection probabilities

sampling effort number of days that the camera-traps were active detection probability increases with increasing survey effort

temperaturea mean temperature of the month when the cameras

were active

mammals may be less active when it is too cold or too hot, thus

decreasing detection probability

temperature

(quadratic form)a
mean temperature of the month when the camera-

trap was active

mammals may be less active during extreme temperatures (i.e. too

hot and cold), thus decreasing detection probability

precipitationa mean precipitation of the month when the camera-

trap was active and the month before

mammals may move more during the dry season looking for

water, thus increasing detection probability
aPredictors marked with a were correlated (r≥ 0.6). We retained precipitation, as it had the lowest WAIC in a univariate model.
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burn-in process and thinning by 10. We assessed model conver-
gence using visual inspection (trace and density plots of MCMC
chains) and the Gelman–Rubin statistic, where values less than
1.1 indicated convergence [57]. Model codes are provided in
electronic supplementary material, appendix S6 and S7.
(e) Exploring time-delayed responses to habitat loss
and fragmentation

To test whether bird and mammal communities showed time-
delayed responses to habitat loss and habitat fragmentation, we
analysed the relationships between contemporary community
occupancy probability (i.e. mean occupancy across all species)
and (1) contemporary landscape predictors (i.e. year of biodiver-
sity sampling) and (2) past landscape predictors (i.e. 1–24 years
prior to sampling). We investigated each landscape predictor
individually in terms of its influence on community occupancy
separately for birds and mammals. We built 25 univariate
models for each landscape predictor and taxon: one model
including the landscape predictor of the year when biodiversity
was sampled (contemporary model) and 24 models using past
landscape predictors. As a result, we fitted 200 models; 100
models (25 years × 4 landscape predictors) per taxon (electronic
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Figure 3. (a–c) Approach for assessing time-delayed responses to habitat loss and habitat fragmentation. We concluded that a time-delayed response to habitat loss
or to habitat fragmentation was present when any of the models including past landscape predictors (i.e. 1–24 years prior to biodiversity sampling) fitted better (i.e.
lower WAIC) than the contemporary model (i.e. predictors from the year of biodiversity sampling).
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supplementary material, tables S4 and S5). To assess which
model out of the 25 models for each landscape predictor per-
formed best, we compared them by calculating WAIC for each
model. We additionally fitted a smooth line to the WAIC
values by using the locally estimated scatterplot smoothing
method, to visualize the trend in model performance across
years. We inferred a time-delayed response to habitat loss or
habitat fragmentation when any of the past models fitted better
than the contemporary model [21,22,24] (figure 3). Finally, we
assessed the effects of habitat amount and habitat fragmentation
on birds and mammals by examining the beta coefficients of our
univariate models.

We additionally built three bivariate models which included
percentage of woodland and a fragmentation metric ( percentage
of edge or patch density or cohesion index). This allowed us to
estimate the effect of habitat amount, while accounting for the
effect of habitat fragmentation and vice versa. We built the
bivariate models using (i) contemporary landscape predictors
(i.e. year of biodiversity sampling) and (ii) predictors of the
best-fitting models (i.e. predictors of the univariate models
with the lowest WAIC).
3. Results
We detected a total of 29 woodland-dependent bird species
and 18 woodland-dependent mammal species (electronic
supplementary material, tables S1 and S2). The best-fitting
detection model for the bird dataset included survey and
openness (electronic supplementary material, table S3). The
probability of detecting a bird species, given its occurrence at
a site, varied among the three surveys and increased when
trees were present at the sampling site (β = 2.21; 95% Bayesian
credible intervals (CRI) = 1.93, 2.52). For mammals, the best-
fitting detection model contained camera-trap and precipitation
(electronic supplementary material, table S3), indicating that
detection probability varied depending on camera-trap brand
and set-up at the sampling site, and increased with increasing
precipitation (β = 0.11; 95% CRI =−0.03, 0.29).

For habitat amount, we found that community-level occu-
pancy probabilities for bird and mammal communities were
more strongly influenced by contemporary habitat amount
than by past habitat amount (figure 4). The model including
a contemporary percentage of woodland (i.e. year of biodiver-
sity sampling) had the lowest WAIC for birds (electronic
supplementary material, table S4). For mammals, the model
with the lowest WAIC included percentage of woodland from
1 year prior to sampling, followed by the model includ-
ing a contemporary percentage of woodland (electronic
supplementary material, table S5). Percentage of woodland
was positively related to bird and mammal occupancy
(figure 5).

Regarding the temporal effect of habitat fragmentation,
past fragmentation predictors explained bird and mammal
occupancy better than did contemporary fragmentation pre-
dictors in most cases. For birds and percentage of edge, models
including variables from 12 and 13 years prior to sampling
were the best models (i.e. lowest WAIC; figure 4 and electronic
supplementary material, table S4). For patch density, the model
including the landscape metric from 4 years prior to sampling
had the lowest WAIC values (figure 4 and electronic sup-
plementary material, table S4). For cohesion index, the bird
occupancy models based on past landscapes (from 4 to 24
years prior to sampling) were consistently better than the
models including contemporary landscapes, with the model
including cohesion index from 23 years prior to sampling
having the lowest WAIC value (figure 4 and electronic sup-
plementary material, table S4). For mammals, models based
on percentage of edge for past landscapes had a lower WAIC
than the model including a contemporary percentage of edge,
with the model with percentage of edge from 6 years prior to
sampling having the lowestWAIC (figure 4 and electronic sup-
plementary material, table S5). Past patch density (specifically
from 6 years prior to sampling) also explained contemporary
mammal occupancy better than contemporary patch density
(figure 4 and electronic supplementary material, table S5).
Finally, contemporary cohesion index was a better predictor of
mammal occupancy than any cohesion index for past landscape
configurations (figure 4 and electronic supplementary
material, table S5).

The effect of habitat fragmentation on occupancy varied
depending on the taxa and landscape metric. The effect of per-
centage of edge on bird occupancy changed from negative to
positive when adding percentage of woodland to the model, i.e.
in the bivariate model (figure 5). For mammals however, the
effect of edge was always negative (both in the univariate
and bivariate model), indicating that occupancy decreased
with increasing edge habitat (figure 5). For both birds and
mammals, the effect of patch density also changed fromnegative
in the univariate model (i.e. occupancy was lower in patchier
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Figure 4. Model performance of the annual multi-species occupancy models for birds (a) and mammals (b). Model performance is measured using WAIC, and thus,
lower values indicate higher performance. Each graph shows the performance of models using contemporary biodiversity data, and contemporary (year 0) or past
(year 1–24) predictor variables. A smooth line fitted to the WAIC values visualize the trend in model performance for models with landscapes variables from
landscapes increasingly longer ago. (Online version in colour.)
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Figure 5. Influence of landscape predictors on bird and mammal occupancy for univariate and bivariate models. Plots show the standardized beta coefficients and
95% Bayesian credible intervals (95% CRI) for all predictors. The effect of a predictor on occupancy was considered to be significant when the 95% CRI did not
overlap zero (dashed line). Beta coefficients for percentage of woodland in bivariate models represent three models in the following order: (i) percentage of wood-
land + percentage of edge, (ii) percentage of woodland + patch density and (iii) percentage of woodland + cohesion index. (a,b) Beta coefficients of the contemporary
models (i.e. predictors from the year of the biodiversity sampling). (c,d ) Beta coefficients of the best-fitting models (i.e. top models in electronic supplementary
material, tables S4 and S5). Red stars indicate that the predictor is correlated with another predictor (r≥ 0.6). For both taxa, the effect of percentage of woodland
on occupancy did not vary greatly when comparing the univariate with the bivariate models. However, the effect of fragmentation differed when comparing
univariate and bivariate models. (Online version in colour.)
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landscapes) to positive in the bivariate model (i.e. occupancy
was higher in patchier landscapes) (figure 5). Finally, cohesion
index always (i.e. univariate and bivariate model) had a
positive effect on occupancy, indicating that the probability of
occupancy increased in more connected landscapes (figure 5).
It is important to highlight that these patterns (i.e. the change in
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magnitude and direction of beta coefficients) were essentially
the same for both the contemporary and best-fitting models
(figure 5).
 lsocietypublishing.org/journal/rspb

Proc.R.Soc.B
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4. Discussion
Habitat loss is a main driver of biodiversity loss, but the
importance of habitat fragmentation remains debated [16].
Available evidence regarding fragmentation effects remains
inconclusive despite considerable research efforts [3,15,58].
Yet understanding the impact of fragmentation is critically
important, given that land-use change has fragmented most
ecosystems around the globe [20,28]. Time-delayed effects
of fragmentation are a possible explanation for contrasting
results of fragmentation studies, but remain overlooked in
the habitat loss versus fragmentation debate [15,16].

We provide, to the best of our knowledge, the first
systematic assessment of the influence of contemporary and
past habitat amount and fragmentation on biodiversity.
Two key insights emerge from this work. First, we found
that contemporary biodiversity was influenced by past land-
scape patterns, suggesting that birds and mammals in the
Chaco respond to landscape transformation with a time
delay. Second, we found evidence for time delays for most
of our models including habitat fragmentation predictors,
yet not for those models including habitat amount. This sup-
ports the hypothesis that time-delayed responses are driven
by habitat fragmentation and that the effects of fragmentation
take time to manifest. This time delay potentially explains
contrasting findings of previous fragmentation studies, and
it provides a window of opportunity for conservation to
avert extinctions, as species may persist in fragmented
landscapes for years.

We found strong evidence that contemporary occupancy of
both taxa was related to past landscape patterns, suggesting
that birds and mammals have delayed responses to land-use
change. Several studies have recently suggested that time-
delayed effects of landscape transformation might be
common, especially in regions where large-scale deforestation
occurred recently [22,23], such as in the Amazon [59], the
Brazilian Atlantic Forest [27], the Kakamega Rainforest in
Kenya [60] or the Argentine Chaco [24]. Importantly, we
found time-delayed responses of birds andmammals to habitat
fragmentation, but not to habitat loss. This should contribute to
understanding the effects of fragmentation on biodiversity, as
few studies have separated the effect of habitat loss from habi-
tat fragmentation when assessing time-delayed responses to
landscape change [21,27]. These studies, however, relied on a
few snapshots in time and were unable to estimate differences
in the duration of the time-delayed response between habitat
loss and habitat fragmentation [21,24,27].

Our finding that the impacts of fragmentation can take
time to manifest adds further support to evidence from
long-term fragmentation experiments [20,61] that found
strongest biodiversity declines with a time delay (e.g. species
richness declines across different experiments were more evi-
dent 10 years after habitat fragmentation [20]). Indeed, many
of the effects of fragmentation on biodiversity can take a long
time to manifest. For example, changes in microclimate near
forest edges lead to a gradual change in vegetation structure
[62], which can have knock-on effects on species’ interactions
(e.g. increasing nest predation risk for birds [63]).
We also found interesting differences between birds and
mammals regarding the estimated time-delayed response to
habitat fragmentation, as this delayed response was shorter
for mammals than for birds. A potential explanation for this
is the high hunting pressure that mammals experience along
woodland edges [64,65]. Rural people in the Argentine Dry
Chaco prefer hunting mammals over birds [66]. Indeed, hunt-
ing pressure increased for almost all mammal species in the
Chaco in the last decades [67]. The same reason could explain
why birds showed time-delayed responses to connectivity
(cohesion index) while mammals did not: birds have a higher
capacity to cross open areas compared to mammals. This is
because mammals have a higher mortality risk when moving
between woodland patches, as hunters often kill mammals
when they cross open areas, such as agricultural fields or
woodland clearings [50,67,68]. Together, these findings
suggest that mammals may disappear faster in fragmented
landscapes than birds.

Regarding the joint and individual effects of habitat
amount and habitat fragmentation on biodiversity, we found
that habitat amount, percentage of woodland in our case, was
an important predictor of bird and mammal occupancy, mean-
ing that the resources that woodlands provide (e.g. food,
refuge) are essential for both taxa. This adds further evidence
to a growing number of studies that highlight the importance
of habitat extent for biodiversity [14,69]. Estimating the relative
importance of habitat fragmentation was challenging though,
as most of the fragmentation metrics were correlated with per-
centage of woodland. Therefore, we here only discuss the results
of the models including weakly correlated (r < 0.6) landscape
predictors, as collinear predictors may give biased estimates
of true effects [70]. Both in univariate and bivariatemodels, per-
centage of edge had a negative effect on mammal occupancy,
again most likely due to the hunting pressure that mammals
experience along woodland edges [64,65]. Surprisingly, how-
ever, the effect of percentage of edge on bird occupancy
changed from negative to positive when adding percentage of
woodland to the model (i.e. bivariate model). This suggests
(i) variable interactions, (ii) a possible positive effect of
fragmentation, yet also (iii) that fragmentation becomes mar-
ginally important once controlling for habitat amount [3,14].
Finally, cohesion index had a positive effect on bird occupancy,
highlighting that forests are key for biodiversity protection in
the Chaco, a finding in accordance with previous work in
this region [50] and other tropical deforestation frontiers [71].
Overall, we found that the effects of fragmentation become
weaker when adding percentage of woodland to the model,
both in the contemporary and in the best-fitting models. This
suggests that the relative effects of habitat amount and
fragmentation do not change markedly over time.

Our systematic assessment of time-delayed effects of habi-
tat loss and fragmentation in the Chaco relied on a large
biodiversity dataset, made full use of the Landsat archive to
ensure consistent landscape predictors and used occupancy
models to account for imperfect detection. Still, some limit-
ations need mentioning. First, we could not consider matrix
permeability, although the type of agricultural matrix might
influence species occurrence [72]. Second, we used patch
density to quantify the number of patches in our land-
scapes—including landscape metrics that capture the effect of
patch size would be interesting but would require a patch
scale study [13]. Finally, we built univariate models because
our goal was to assess the relationship, over time, of habitat
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amount or habitat fragmentation on bird and mammal occu-
pancy. Exploring the combined effect of these variables is
interesting, and we therefore ran bivariate regression models
by including both habitat amount and fragmentation. How-
ever, correlation between some of the landscape metrics (see
electronic supplementarymaterial, figure S2) suggests possible
bias in the model coefficients [70], and we therefore caution
against over-interpreting them. An experimental approach
[14,58] or path analysis [70] would be necessary to quantify
the relative importance of habitat loss versus habitat fragmen-
tation for time-delayed effects. Here, we limit our study to
analysing the relationship between occupancy and habitat
amount over time on the one hand, and occupancy and habitat
fragmentation over time on the other.

Ourwork has twomain implications for conservation. First,
our findings highlight the importance of habitat amount for
birds and mammals, meaning that protection of woodland
patches should be prioritized to avoid short-term local extinc-
tions (e.g. expanding protected areas). Second, our study
showed that fragmentation effects take time to manifest, result-
ing in a fragmentation-driven extinction debt. This provides a
window of opportunity, as fragmented landscapes may still
contain a high percentage of species which may otherwise go
extinct if restoration activities are not implemented swiftly.
Therefore, increasing landscape connectivity (e.g. restoring
natural vegetation patches in the agricultural matrix) may
help to prevent the loss of species vulnerable to extinction,
as occupancy will keep decreasing even if no further frag-
mentation occurs. Additionally, to prevent local extinctions
of mammals, edge effects should be diminished (e.g. expand-
ing forested areas through active restoration actions or
anti-poaching campaigns).

Our study also informs the debate on the relative impor-
tance of habitat amount versus fragmentation. We found
habitat amount to be the most important driver of contempor-
ary biodiversity patterns. However, the effects of habitat
fragmentation were also significant and, importantly, took
more time to manifest. Conclusions regarding the effects of
habitat fragmentation have often been based on snapshots of
landscapes, typically from the time when biodiversity was
sampled. Our study provides further evidence that contempor-
ary habitat fragmentation may not be a strong predictor of
species richness [15], that time-delayed responses to habitat
fragmentation can be strong [20], and that landscape history
should be considered when assessing contemporary biodiver-
sity patterns [22,23]. Considering time-delayed responses
seems particularly important in regions where landscapes
have undergone recent and widespread changes [23]. This is
the case for many subtropical and tropical deforestation
frontiers, where extinction debt due to recent landscape frag-
mentation is likely large and not paid in full, and a positive
impact of fragmentation on overall richness might be the
result. By contrast, where landscapes have been transformed
long ago, extinction debt has likely been paid [22,23]. Overall,
this suggests that land-use history might at least explain partly
the diverging conclusions from meta-analytical work on the
effects of habitat fragmentation.
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